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Antibiotic resistance spread within aquatic bacterial communities, particularly ones in 
urban areas, is in part driven by wastewater inflows that may contain both elevated 
concentrations of antibiotics and increased abundance of antibiotic resistant bacteria.  These can 
be transmitted into the environment via release of treated wastewater, since removal of these 
compounds by most wastewater treatment facilities is inadequate, or by release of untreated 
waste from leaking wastewater treatment networks and overflow of combined sewer systems.  
This study used the James River and the City of Richmond wastewater network as a model urban 
waterway to study both types of impacts. Shotgun metagenomic sequencing was used to compare 
water column, biofilm, and sediment microbial communities from five sites along the James 
River flow path.  Data were analyzed to assess how microbial community diversity, the 
distribution of wastewater indictor organisms, and the abundance of antibiotic resistance genes 
changed with varied wastewater exposure. 
Alpha diversity was mainly driven by habitat rather than site along the flow path. Beta 
diversity was primarily a product of ecosystem type and whether the samples were collected 
 5 
from a river or stream site. While taxonomic differences existed between the three habitats, 
biofilm and sediments communities were much more closely related than suspended bacteria. 
Additionally, while the taxonomic makeup of river and stream water communities differed, 
differences between the functional gene presence were not statistically significant. Multidrug 
resistance, total ARG abundance, and metal resistances was highest within sediment samples and 
lowest in water samples, although for individual ARG there was not a pattern that resistance 
followed within the habitats. However, sewer overflows and wastewater influent change the 
bacterial community composition of in all habitats and increase the presence of potentially 
pathogenic bacteria within the urban waterway. Without alteration to our wastewater treatment 





























Mary Bernadette Cougher was born on July 9, 1997, in Leesburg, Virginia, USA. She graduated 
from Myers Park High School, Charlotte, North Carolina, with an International Baccalaureate 
Diploma in 2015. She received her Bachelor of Science in Environmental Science from Virginia 
Polytechnic Institute and State University (Virginia Tech) in Blacksburg, Virginia in 2019 and 





































Antibiotics are lifesaving drugs but are released in excess into the environment by 
overconsumption, inappropriate prescription, and expansive use within agriculture (Ventola, 
2015). Antibiotic resistance is rapidly becoming a public health concern, as some antibiotics we 
have used for a long period of time have now been rendered useless following the emergence of 
resistant pathogens (Frieden, 2019). Antibiotic resistance development closely follows the 
discovery and commercialization of antibiotics substances, and increased anthropogenic use has 
led to heightened levels of the pharmaceutical drugs in urban wastewater and freshwater 
ecosystems. Despite growing recognition of this problem, the long-term fate of antibiotic 
resistant bacteria (ARB) and antibiotic resistance genes (ARG) in the environment is uncertain, 
and additional research is needed to understand how wastewater inflows may impact the various 
microbial habitats within freshwater ecosystems.  
Urban Wastewater 
Urban wastewater is a major factor in environmental spread of antibiotic resistance. 
Outdated sewer infrastructure means that not all urban wastewater makes its way to a wastewater 
treatment plant (WWTP). Wastewater leakage is often the product of combined sewer systems 
(CSS), which mix wastewater and stormwater and convey it to the WWTP.  However, during 
heavy rain events, the network overflows in what is called a “combined sewage overflow” (CSO) 
event, which releases wastewater to waterways with little to no removal of contaminants. Even 
when wastewater is successfully delivered to the WWTPs, physical and chemical treatments for 
emerging pollutants, such as antibiotics, are not yet commonplace (City of Richmond, 2018). 
These two mechanisms (CSOs and incomplete treatment) together mean that much of the 
antibiotic resistance spread to the environment comes from urban wastewater systems, thereby 
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harming aquatic ecosystems and posing a significant threat to public health that is poorly 
understood. A recent study by Subirats et al. (2017) comparing stream microbial community 
composition and diversity following receipt of either treated wastewater effluent or raw, 
untreated sewage found that communities resembled whichever wastewater hey were exposed to. 
This result, combined with recent observations by Aubertheau et al. (2017) indicating that 
communities with higher levels of exposure to antibiotics develop resistance, suggests that 
wastewater from both CSOs and incomplete treatment will increases the prevalence of antibiotic 
resistance in aquatic ecosystems.  
The diverse mixture of bacteria and other contaminants moving into urban water bodies 
via wastewater also raises concerns about interactions across different types of pollutants. With 
multiple types of antibiotics mixing, there is greater potential for development and spread of 
multidrug resistant (MDR) organisms. Prior studies show that traditional wastewater treatment 
measures may can actually select for MDR bacteria (Jia et al., 2020). In addition, urban 
wastewater and runoff have high levels of metals, which have been shown to influence ARGs. 
Heavy metal resistance genes (MRG) and antibiotic resistance can be selected simultaneously in 
the heavy metal contaminated ecosystems, including watersheds with long term industrial land 
use and urbanization like the James River (Czekalski et al., 2014; Garner et al 2016; Chen et al., 
2019). 
Antibiotic Resistance in Aquatic Ecosystems 
Antibiotic resistance can develop in aquatic ecosystems when indigenous cells are 
exposed to sublethal levels of antibiotics or due to anthropogenic release of ARG. ARG spread 
increases with the addition of wastewater containing antibiotics and ARB. Resistance 
development within aquatic habitats often correlates with urbanization of the watershed (Proia et 
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al., 2018). The native bacterial community of the ecosystem will be changed with increased 
human interaction, with the primary source for ARG spread tracing back to inputs of treated and 
untreated wastewater. Prior research has found that microbial communities at sites with greater 
presence of antibiotics (e.g., more urban exposure or more frequent CSO events) have lower 
alpha diversity and persistent shifts in beta diversity (Levengood, 2017; Aubertheau et al., 2017; 
Drury et al., 2013). This means that wastewater may cause fewer species to be present, but the 
bacteria remaining are more likely to have genes associated with antibiotic resistance (Drury et 
al., 2013). 
Bacteria associate into different habitats within waterways, three of which will be 
considered in this study: planktonic bacteria - those suspended within the water column, bacteria 
within the sediment layer, and bacteria that assimilate into biofilm colonies. Within aquatic 
ecosystems, bacterial communities occupying these distinct habitats may have unique properties 
that may influence the spread and persistence of antibiotic resistance. For example, the 
abundance of relevant pollutants varies day to day in the water column, but can have more long-
lasting impacts within the various habitats. While many prior studies have examined ARG in 
planktonic (Drury et al.; 2013, Levengood, 2017; Brown et al., 2015) and sediment communities 
(Chen et al., 2013; Czekalski et al., 2014; Calero-Ca`ceres et al., 2017), the role of biofilms as a 
reservoir for ARG and ARB has only recently emerged as a valuable study system (Aubertheau 
et al., 2017, Frieden, 2019). Biofilms are conglomerations of bacteria in a matrix-suspended 
community that allow the bacteria within to exhibit different properties compared to when they 
are free floating within the water column (Proia et al., 2013). Bacteria form biofilms to enhance 
their viability and longevity in waterways like the James River (Schuster & Markx, 2014). 
Biofilms are commonly found in the epilithic layer in water bodies and serve as a site for 
 10 
increased convergence of genetic material and community protection. Due to increased 
interaction between the cells, genetic material coding for antibiotic resistance is easily 
transferred from cell to cell (Toyofuku et al., 2016; Høiby et al., 2010).  This can also happen in 
sediments, though to a lesser extent. In addition, sediments have the unique ability to preserve 
extracellular DNA following cell lysis, which is retained by small sized particles and organic 
matter in the sediment matrix (Kaeseberg et al., 2018). Along with this, ARG presence in 
sediments is often related to greater presence of metals within in the system. Resistance to both 
metals and antibiotic compounds is often concurrent due to proximity of these genes within the 
genetic material (Czekalski et al., 2014). 
Study Objectives 
The overarching goal of this study was to gain more information on how urban 
wastewater inputs affect antibiotic resistance in various habitats within aquatic ecosystems.  The 
study considered sources of both treated and untreated urban wastewater to stream and river 
ecosystems using the City of Richmond’s wastewater treatment network along the James River. 
While other studies have investigated the presence of antibiotic resistance genes (Levengood, 
2017; Brown et al., 2015) and bacteria (Balasa et al., 2021) in the water column of the James 
River, this study serves as the first to analyze biofilm and sediment communities, as well as one 
of the first to apply in-depth metagenomic approaches. This study analyzed the prevalence of 
ARG in each habitat following exposure to wastewater treatment plant effluent and combined 
sewer overflow. Additionally, this study surveyed bacterial habitat diversity along the James 





2.1 Site Descriptions 
This research considered the effects of wastewater and urbanization on the microbial 
communities of three aquatic habitats: river sediment, epilithic biofilms, and the water column. 
Samples were collected from five sites along the James River near Richmond (Figure 1, Table 
1); three were within the James River, while the two others were urban streams that feed directly 
into the James. Four of these sites have been the subject of weekly water quality monitoring by 
VCU and the City of Richmond since 2015, and the historical data regarding the abundance of 
Escherichia coli (E. coli) were used to inform site selection (Appendix 1).  
The first river site, Huguenot, is upstream of the city and was chosen to represent 
background conditions prior to Richmond’s urban and wastewater inputs. E. coli abundance at 
this site is consistently low and the mean (± S.E.) based on weekly sampling during summers for 
the five years prior to sampling (2015-2019) is only 57 (± 11) CFU 100-ml-1. The second river 
site, CSO-06, is the largest of all 29 CSO outfalls in the city and was chosen to examine the 
impact of episodic inputs of untreated wastewater. In summer, the abundance of E. coli at this 
site regularly exceeds the threshold of 230 CFU 100-ml-1 outlined in the Virginia State 
guidelines for primary contact (§62.1-44.15 of the Code of Virginia; Clean Water Act). Mean 
abundance for the summers of 2015-2019 was 1787 (± 698) CFU 100-ml-1. The third river site, 
Ancarrow’s Landing, is directly downstream from the outflow of the City of Richmond 
Wastewater Treatment Plant, allowing us to examine the impacts of treated wastewater 
inflow. The stream sites, Gillies and Reedy Creek, are both severely impacted by CSO overflow, 
as evident by the E. coli monitoring data (mean for summers 2015-2019 at Gillies: 853 (± 356); 
Reedy: 1134 (± 394). Sampling at Gillies Creek was conducted downstream from an 
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uncontrolled CSO outfall that frequently discharges low volumes of untreated waste, while 
Reedy Creek experiences CSO events less frequently but usually greater in volume. 
 
2.2 Sample Collection and Processing 
2.2.1 Overview 
Triplicate biofilm, water, and sediment samples were collected from each site on June 
30th, 2020, using the field sampling procedures described below for each habitat type. All 
samples were stored on ice in a cooler during field work and for transport back to the lab, and 
then placed in a refrigerator until processing (<3 hours for biofilms and sediment, <24 hours for 
water). Additional water samples (1 L) were collected at each site and used to measure water 
chemistry via standard methods (APHA 1998). Specifically, concentrations of total nitrogen 
(TN), total phosphorus (TP), and chloride (Cl-) were determined using a Skalar Sans++ 
continuous segmented flow autoanalyzer (Skalar Analytical B.V., Breda, Netherlands). An 
additional 50-mL water sample was collected at each site to measure turbidity (Hach 2100N 
Turbidimeter, Loveland, CO, USA). Water column pH, temperature, conductivity, and dissolved 
oxygen concentration were measured in the field using a YSI ProDSS sonde (Yellow Springs, 
OH, USA). A final 1-L water sample was collected from each site to determine E. coli 
abundance using Modified mTEC agar (BD Difco, Sparks, Maryland, USA) according to EPA 
guidelines Method #1603 (United States Environmental Protection Agency [EPA], 2009).  
 
2.2.2 Biofilms 
Biofilm sampling followed the Wolf and Vis protocol adapted from the EPA (Barbour et 
al., 1999; Wolf & Vis, 2019). First, 10 rocks of a consistent size (~10-cm across), were randomly 
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selected from the stream/riverbed. Next, biofilm was harvested from a 6.5 cm2 circle (delineated 
with an O-ring corresponding to 1 square inch) of each rock’s surface. Biofilm from 10 rocks 
was then combined into a sterile 50-mL collection tube to form a single composite sample. This 
process was repeated three times, yielding three composite samples (from 30 total rocks) per site.  
Upon return to the lab, each biofilm sample was centrifuged at 3,100 × g for 10 minutes 
and excess water was decanted.  Each composite biofilm sample was weighted, and “biofilm 
density” (g wet weight per cm2) was calculated to determine the mass of biofilm per unit area of 
rock surface.  Biofilm samples were stored at -80⁰C until DNA extraction could be performed. 
DNA was extracted from a 0.2-g subsamples of biofilm using the PowerBiofilm DNA 
extraction kit (Qiagen, Germantown, MD, USA). Successful biofilm DNA extraction was 
verified using agarose gel electrophoresis (1% gel) and DNA yield was determined using a 
NanoDrop 1000 Spectrophotometer (Thermo Fisher Scientific, Wilmington, DE, USA). 
 
2.2.3 Water Filters  
Triplicate water samples were collected at each site from a depth of ~20 cm below the 
water surface using sterile 3-L plastic containers. The suspended bacterial community was 
concentrated on 142-mm diameter, 0.22-μm pore size polycarbonate filters (MilliporeSigma, 
Burlington, MA, USA) via vacuum filtration. Water filters were stored at -80⁰C until DNA 
extraction could be performed using the ZymoBIOMICS-96 MagBead DNA Kit (Zymo 






Using a small trowel at ~0.20 m depth at each site, a single large sediment sample (~1 kg 
wet weight) was collected into an airtight plastic bag. Excess water was decanted and large rocks 
(>5 cm diameter) were discarded. The bag of sediment was placed on ice for transport back to 
the lab and then transferred to long-term storage at -80⁰C until DNA extraction. 
At the time of extraction, triplicate subsamples (0.2 g) were removed from each bag and 
processed using the DNeasy PowerSoil kit (Qiagen, Germantown, MD, USA). For 4 of the 15 
sediment samples, the DNA yield was too low for sequencing (<20 ng μL-1), so extraction was 
repeated using ~10 g of sediment and the DNEasy PowerMax Soil kit (Qiagen, Germantown, 
MD, USA). Successful sediment DNA extraction was again verified using agarose gel 
electrophoresis (1% gel) and DNA yield was determined using a NanoDrop 1000 
Spectrophotometer. 
 
2.3 Metagenomic Analysis 
Metagenomic sequencing was performed using the ZymoBIOMICS Shotgun 
Metagenomic Sequencing Service for Microbiome Analysis (Zymo Research, Irvine, CA, USA). 
Library preparation, where fragments were tagged with 8 bp internal dual-index barcode 
sequences with Nextera adapters (Illumina, San Diego, CA, USA), was completed by using 
Nextera DNA Flex Library Prep Kit (Illumina, San Diego, CA, USA) following manufacturer 
protocol. Library concentrations were quantified with TapeStation (Agilent Technologies, Santa 
Clara, CA, USA) to normalize abundances in the multiplexed pool for sequencing and quantified 
again using qPCR. The final library was sequenced using the NovaSeq (Illumina, San Diego, 
CA, USA) platform.  
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2.4 Bioinformatics Data Analysis  
A total of 1.4 billion reads were obtained across all 45 samples. The number of reads per 
sample ranged from 12.5 to 61.1 million, with a mean of 30.7 million reads per sample 
(Appendix 2). Trimming of these raw sequences was performed using Trimmomatic-0.33 
(Bolger et al., 2014) for the purpose of removing low quality fragments as well as library 
adapters. A quality cutoff of 20 and a sliding window with 6 bp window size were used. 
Additionally, all reads smaller than 70 bp were removed from the data set. On average, ~7.5% of 
reads were dropped.  
For taxonomic analyses, reads were classified using Centrifuge (Kim et al., 2016) 
comparing bacterial, viral, fungal, mouse, and human genome datasets. The fraction of reads 
classifying as microbial varied from 12.9 to 44.7% (Appendix 2), nearly all of which were 
bacterial (>98%). Species-level abundance information was retrieved from the Centrifuge 
outputs and further analyzed for alpha and beta-diversity and community composition via QIIME 
(Caporaso et al., 2012). Specifically, alpha diversity was examined using the Shannon index and 
beta-diversity was visualized using a principal coordinates analysis (PCoA) and the Bray-Curtis 
dissimilarity metric. Permutational multivariate analysis of variance (PERMANOVA) was used 
to test for significant differences in community composition across sites, habitats, and ecosystem 
types using the Bray-Curtis metric and 9999 permutations.  PERMANOVA were performed 
using the PAST statistical package version 4.0 (Hammer et al., 2001) 
For functional analyses, MG-RAST was used (Fitzpatrick and Walsh, 2016; Liu et al., 
2018). Forward and reverse read files were merged and then processed using default criteria 
including dynamic trimming, a minimum quality of 15, and a maximum low quality bp of 5. 
Approximately 80% of sequences passed the QC pipeline, and post-processing statistics are 
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provided in Appendix 3. Of the sequences that passed QC, ~50% contained predicted proteins 
with known functions. Reads were annotated against SEEDS subsystems (Overbeek et al., 2005) 
at a cutoff of e-5, identity 60%, and a minimum alignment length of 15 bp. Results were 
presented as a fraction (%) of SEEDS-classified reads. Level 1 data were used to develop broad 
functionality profiles of the microbial communities, which were visualized using PCoA. Level 3 
data were used to extract information regarding resistance to antibiotics and metals. 
 
2.5 Additional Statistical Analysis 
Data for biofilm density and relative abundance of selected genes were checked for 
normality using Shapiro-Wilke tests and for equal variance using Levene’s tests. Normality and 
homogenous variance occurred in all cases, so parametric statistical approaches were used. 
Specifically, analysis of variance (ANOVA) was used to determine statistical differences 
associated with habitat type (biofilm, sediment, and water column) and sampling site. All 
statistical tests were performed using RStudio Desktop version 1.3.1093 (RStudio, PBC, Boston, 










3. Results  
3.1 Site Conditions 
Water temperature varied between 23-26°C and pH was generally circumneutral (Table 
1). Both parameters were highest at the Huguenot and CSO sites. Dissolved oxygen 
concentrations were also highest at these sites (≥8.5 mg L-1), and considerably lower in both 
stream sites.  In addition, streams were distinct from the river water samples in having lower 
turbidity (~2.5 NTU compared to ≥3.2 in river samples) and conductivity (≤120 μS cm-1 
compared to ≥140). Conductivity was particularly high at Ancarrow’s, reflecting the elevated Cl- 
concentration in the river downstream from the WWTP. Total nitrogen was also elevated at 
Ancarrow’s and at both stream sites. Total phosphorus was low at all sites.  
With regards to the microbial community at each site, we found E. coli abundance was 
lowest in water samples from Huguenot (36 CFU 100-ml-1), intermediate at the other river sites 
and Gillies Creek (~100 CFU 100-ml-1), and significantly elevated at Reedy Creek (230 CFU 
100-ml-1). Biofilm density was ~20 mg (wet weight) per cm2 and did not vary significantly 
across sites (ANOVA, p=0.19). 
 
3.2 Taxonomy-based Analyses  
3.2.1 Distribution of Key Phyla 
The most abundant phylum across all sites, habitats, and ecosystems was Proteobacteria, 
which made up more than half of the prokaryotic community (mean ± S.E. in sediments: 70.4% 
± 2.3, biofilms: 64.6% ± 3.0 in biofilms, and water: 56.4% ± 5.2). Proteobacteria were followed 
by Actinobacteria (Figure 2). Actinobacteria was particularly abundant in water samples (35.6% 
± 4.8) compared to biofilm (23.2% ± 3.1) and sediment samples (14.7% ± 2.8). The other 
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prominent phyla, which collectively comprise ~10% of the community, were Bacteroidetes, 
Nitrospirae, Cyanobacteria, Acidobacteria, Chlorflexi, and Verrucomicrobia. Notable differences 
between habitats include more Bacteroidetes in water samples, greater relative abundance of 
Acidobacteria and Chlorflexi in sediment samples as well as greater relative abundance of 
Nitrospirae in sediments and to a lesser extent, biofilms.  
At the phyla level, the most consistent differences were associated with habitat, with 
biofilms and sediment being similar to each other and distinct from water. In contrast, there were 
few consistent generalizable differences across sites. However, several do emerge when 
considering river vs. stream ecosystems. Specifically, Proteobacteria abundance was particularly 
high in streams samples (73.5% ± 2.6) compared to river samples (57.3% ± 2.7). Additionally, 
Verrucomicrobia, Acidobacteria, and Chlorflexi abundance was particularly lowered in stream 
samples, at ~20-30% of the relatively abundance seen in river samples.  
 
3.2.2 Alpha Diversity  
 Alpha diversity, assessed using Shannon’s diversity index, varied between 3 and 5 
(Figure 3). Across all sites, diversity was consistently highest in biofilms, intermediate in 
sediments, and lowest in water. Generally, the greatest diversity across habitats was seen at 
Huguenot and Ancarrow’s. A two-way ANOVA revealed a significant interaction between site 
and habitat type as main factors (p<0.0001). Because the interaction was significant, separate 
one-way ANOVAs were performed for each site. This revealed significant differences across 
biofilm, sediment, and water for each site (all p<0.05). Tukey’s HSD post hoc comparison 
revealed that diversity of the microbial community within the water habitat was always 
significantly lower than biofilm. 
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3.2.3 Overall Community Composition  
To visualize overall patterns in community composition across samples, principal 
coordinates analysis (PCoA) using Bray-Curtis dissimilarity was applied to the species-level data 
(Figure 4). Cumulatively ~50% of the variation was explained by the two primary axes. No 
clustering was evident based on sampling site. Instead, the greatest separation was of water 
habitat samples from biofilms and sediments on axis 1 (34%). An additional 15% was explained 
by axis 2 separating the stream ecosystems samples from the river samples  
Two-way PERMANOVA was initially applied to test for differences due to site and 
habitat type. Because the interaction of these two factors was significant (p=0.0001), separate 
one-way PERMANOVAs were performed to examine cross-site differences for each habitat.  All 
comparisons yielded p≤ 0.001 but, as for the PCoA, it was difficult to generalize consistent 
patterns across sites.  PERMANOVA was repeated using the stream vs. river comparison that 
manifest in the PCoA (p=0.0001).  Post hoc pairwise comparisons indicate that the communities 
for each habitat were different in stream and river ecosystem samples (all p < 0.002; e.g., stream 
biofilm was different from river biofilm). Within stream communities, there is a significant 
difference between water and sediment samples (p = 0.002); however, within river communities, 
there is a significant difference between water and biofilm samples (p = 0.01).  
 
3.2.4 Potential Wastewater Indicator Species 
To identify taxa that may be good indictors of wastewater contamination, we examined 
the relative abundance data and identified any bacterial species found in greater abundance at 
either the CSO site or Ancarrow’s (Figure 5). The list of species was then filtered to remove 
organisms not known as intestinal bacteria, such as those belonging to the phylum 
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Cyanobacteria. The species remaining belonged to two phyla, Bacteroidetes and Proteobacteria, 
and were consistently more abundant in following wastewater inflow compared to the Huguenot 
site upstream. Specifically, two Proteobacteria species, Enterobacter ludwigii and 
Immundisolibacter cernigliae, as well as two Bacteroidetes species, Bacteroidetes bacterium 
GWA2_31_9b and Cytophagaceae bacterium, emerged as potential indicators for untreated 
wastewater due to their high abundance at the CSO site. In addition, the Proteobacteria species 
Acidovorax soli, Deltaproteobacteria bacterium Ga0077539, and Pseudomonas aeruginosa were 
all observed in their greatest abundance at Ancarrow’s after exposure to wastewater treatment. 
The pathogenic bacteria Pseudomonas aeruginosa was only found at Ancarrow’s and not at any 
of the other sites considered. 
 
3.3 Functional-based Analyses 
3.3.1 Overall Community Function  
 When principal coordinate analysis was applied to SEED Subsystems Level 1 functional 
profiles obtained from MG-RAST, the greatest differences were again associated with habitat 
type (Figure 6). Water samples separated from biofilm and sediment habitats on axis 1, which 
explained 78% of the variance in the dataset. An additional 10% was explained by axis 2, which 
separated the sediment and biofilm stream samples from the river samples.  Cumulatively ~88% 
of the variation was explained by the two primary axes. 
PERMANOVA was used to test for differences in functional profiles across sites and 
habitat types, similar to the approach used for the community taxonomic profiles. A significant 
interaction effect was obtained (p=0.0001) and separate one-way comparisons again indicated 
few consistent differences due to site.  When PERMANOVA was repeated using the stream vs. 
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river classification, we found that the functional profiles for biofilm (p=0.003) and sediment 
(p=0.003) did differ across the two ecosystem types, but the profile for the water microbial 
community did not (p=0.35). 
 
3.3.2 Functional Gene Distribution  
 Relative abundance of functional genes in each of the SEED Subsystems Level 1 
categories was plotted within the habitats for each site (Figure 7, and Appendix 5). For many 
categories/functions, biofilm and sediment habitats were very similar to each other and distinct 
from the water habitat. Differentiation between stream and river habitats, across sites, or along 
the flow path downstream are not very distinct across subsystems.   
 
3.3.3 Antibiotic Resistance Genes 
To gather detailed information regarding the distribution of potential antibiotic resistance 
functions across samples, genes within the Level 1 classification “Virulence, Disease, and 
Defense” were examined further. We specifically focused on the Level 2 subgrouping called 
“Resistance to Antibiotics and Toxic Compounds,” which represented ~3% of total classified 
reads and calculated the total fraction that classified as related to antibiotic resistance and multi-
drug resistance (Figure 8). Appendix 4 provides a list of the SEEDS Level 3 functional 
classifications used to generate these totals. On average, ARGs account for 1.2% (± 0.02) of the 
total reads within each sample. The most common resistance genes across all samples encode for 
resistance to multiple antibiotics, representing >50% of the ARG present in biofilm and sediment 
samples and ~40% within planktonic communities. 
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The first two rows of Figure 8 highlight the relative abundance of total ARG and 
multidrug resistance genes respectively. Similar patterns were observed for both: abundance was 
highest within sediments, intermediate within biofilms, and lowest within water habitats. Two-
way ANOVA of total ARG abundance found the interaction of site and habitat was not 
significant, but both were significant as main effects (p<0.0001). For all habitats, ARG 
abundance was lower at CSO and Reedy compared to the other sites (p<0.05). For multidrug 
resistance, the interaction of site and habitat was significant (p<0.0001), necessitating the use of 
separate one-way ANOVAs to test for habitat effects at each site. Results showed significant 
differences in abundance of genes associated with multidrug resistance across all three habitats 
for all sites except Reedy Creek. At Reedy, differences across habitats were smaller, with the 
only significant pairwise comparison being sediment and water samples (p = 0.007). 
Additionally, multidrug resistance within the Reedy water samples was slightly greater than all 
other sites. 
Figure 9 highlights six of the most prominent ARGs. Resistance to fluoroquinolones was 
most common and was found in greatest abundance within the water habitat. Other ARG that are 
most prominent within water samples include resistance to methicillin and erythromycin.  For 
beta-lactam resistance, the reverse is true; abundance is low in the water samples and high for 
biofilm and sediment habitats. Vancomycin and fosfomycin resistance account for a relatively 
small percentage of antibiotic resistance genes present in the samples but are most commonly 





3.3.4 Metal Resistance Genes (MRG)  
 Because metal resistance genes regularly coincide with ARG, we also investigated their 
abundance.  Within the Level 2 subsystem of “Resistance to Antibiotics and Toxic Compounds,” 
we identified all Level 3 groupings describing resistance to metallic compounds (Appendix 4). 
MRG were found to code for a similar percentage of the total reads as ARG (Figure 8). Two-way 
ANOVA found the interaction between site and habitat significant (p<0.0001), prompting the use 
of separate one-way ANOVAs of these main effects for each site. Results followed the same 
pattern as multidrug resistance and ARG in being greatest in sediment habitats and lowest in 
water habitats (p<0.05), for all sites except Reedy. At Reedy, there was no difference across 
habitats, and MRG abundance is much greater than all other sites. 
 
4. Discussion 
Antibiotic resistance poses an ever-growing threat to public health. Its development is 
seen not only in clinical settings, but everywhere bacteria are found, including wastewater. 
Incomplete wastewater treatment and failing CSO systems present in many growing urban areas 
contribute to the spread of antibiotic resistance. In this study, the James River and the City of 
Richmond wastewater network were used as a model urban waterway to study the impacts of 
wastewater influence on antibiotic resistance in aquatic ecosystems. This was accomplished by 
examining microbial community diversity, the distribution of wastewater indictor organisms, and 
the abundance of antibiotic resistance genes in metagenomes of three distinct habitats across 
river and stream sites that varied with regards to wastewater inputs. At the time of sampling, 
water quality at all sites (Table 1) was within normal range for summer recreational use and no 
active CSO overflow had been reported. Sampling at this time allowed us to consider potential 
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legacy effects across sites due to historical exposure and to assess potential public health risks 
during a time when recreational use of the river is high.  Though the five sites we considered 
differed widely in water quality and their history of wastewater inputs, we saw relatively few 
consistent differences between them in terms of community composition or functional potential. 
Instead, we saw the widest differences in due to habitat type (i.e., biofilm, sediment, and water 
column). Within the habitats, river and stream samples were distinct with regards to community 
composition but not in functionality profiles.  This suggests that bacterial habitats and 
ecosystems respond independently to wastewater inputs due to the variation in the community 
that inhabits each. 
 
4.1 Microbial Community Composition 
Taxonomic results demonstrated significant differences in diversity and community 
composition primarily associated with habitat type. Specifically, we found that alpha diversity 
was consistently highest in biofilms and lowest in water (Figure 3). This was expected given past 
studies (Walden et al., 2017; Chen et al., 2018), though the patten is not universal. Other studies 
have occasionally reported greater diversity within water habitats than biofilms (Besemer et al., 
2012; Luo et al., 2020), likely due to the differentiation in the native bacterial communities. With 
regards to wastewater impacts, previous studies have found that samples more inundated with 
wastewater tend to have decreased diversity in all habitats (Drury et al., 2013; Battin et al., 2016; 
Subirats et al., 2017). We observed this patterns in our river samples; we saw a decrease in the 
alpha diversity in all habitats moving from Huguenot - the relatively unimpacted upstream site - 
to the CSO site, where the most interaction with untreated wastewater occurs (Figure 3). Farther 
downstream at Ancarrow’s, alpha diversity increased nearly returning to the levels found at 
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Huguenot.  This suggests that alpha diversity is not impacted by exposure to treated WWTP 
effluent, though our other data indicate effluent may affect overall community composition and 
abundance of wastewater indicator species in other ways (discussed below). While wastewater 
inflows may somewhat decrease the diversity of a sample, the effect may vary across the 
different microbial habitats.  For instance, bacteria within a biofilm and, to a lesser extent, within 
a sediment matrix may be more protected from direct interaction with wastewater than 
planktonic bacteria. This relationship should be studied with analysis of inundation based on 
wastewater volume rather than trends in exposure.  
Metrics of alpha diversity, such as the Shannon diversity score, are a very coarse 
assessment of microbial communities. Alpha diversity can summarize differences in number of 
species as well as evenness, but tells us nothing about the actual taxa found in the samples.  In 
this study, community composition changed the most across habitats and ecosystems rather than 
site or due to wastewater inflow (Figure 4). The greatest difference was between stream and river 
water samples.  This was evident at the phylum level (Figure 3) and even more clear when 
observing species distributions (Figure 4).  Within both biofilm and sediment samples, there is 
less differentiation, indicating that ecosystem does not have as great of an impact within these 
two habitats. This is likely due to the physical stability of these communities in comparison to 
water habitats, which are everchanging due to constant mixing and flow. Other differences are 
likely due to the properties of each habitat that support the growth of these organisms. Examples 
of this include increased abundance of the phyla Cyanobacteria in biofilms due to their affiliation 
with algal communities (Aubertheau et al., 2017) and increased Nitrospirae in sediments where 
abundant nitrogen is more available for oxidizing (Lücker et al., 2010).  
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Key phyla observed across all habitats in this study include Proteobacteria and 
Actinobacteria, which have also been found most abundant in past studies of the James River 
ecosystem (Brown et al., 2015), as well as other freshwater river (Auguet et al., 2017; Eramo et 
al., 2017) and stream systems (Besemer et al., 2012). We also found the most common phyla of 
gut bacteria, Firmicutes and Bacteroidetes, followed by Actinobacteria, Proteobacteria, and 
Verrucomicrobia (Arumugam et al., 2011), which makes sense given the large wastewater inputs 
in this section of the river.  Firmicutes are primarily made up of Clostridium, a taxon of bacteria 
known to be rapidly developing antibiotic resistance (Rinninella et al. 2019; Frieden, 2019). 
Bacteroidetes were most abundant within water samples and increased at the CSO site, 
potentially indicating that municipal waste entering the water prior to wastewater treatment 
includes pathogenic bacteria. While many Proteobacteria are non-pathogenic, this phylum does 
include a wide variety of pathogenic bacteria, including E. coli, which is one of the most 
commonly used indicator species of pathogenic bacteria presence in a sample (Passerat et al, 
2010).  
In this study, we also examined the species-level data for intestinal bacteria that may 
serve as potential indicators of wastewater impact (Figure 5). We focused on the sampling sites 
in the river to avoid confounding factors associated with ecosystem type, then identified seven 
intestinal species that were rarely found at the upstream Huguenot site but became abundant 
following untreated wastewater exposure at the CSO site and treated WWTP effluent at 
Ancarrow’s. Those seen in greatest abundance following the CSO outflow likely spread between 
the bacteria within the City of Richmond’s sewage system. While these taxa are all widely 
distributed in the environment, making none exclusively intestinal, changes in the presence of 
each are important to note, as increased intestinal bacteria in the water can indicate excess 
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untreated wastewater entering the system due to either CSO or improper treatment. Species 
observed in their greatest abundance at Ancarrow’s suggest that the spread of these organisms is 
tied to insufficient wastewater treatment leading to a system that allows for their proliferation. 
The wastewater treatment process should remove most of these bacteria, although it is not 
flawless. It is inconclusive whether the main differences are due to wastewater impact like 
hypothesized, as there is not a consistent pattern in community composition changes going 
downstream as the river becomes increasingly inundated with wastewater. However, important 
differences are seen within which habitat the bacteria exist as well as between urban stream and 
river ecosystems. 
 
4.2 Community Functional Potential 
In addition to looking at taxonomic community structure, we also examined the 
metagenomic data for differences in functional potential across habitats and ecosystems and 
following wastewater exposure. At the broadest scale (SEEDS Subsystem level 1), we see 
patterns similar to the taxonomic profiles with habitat being the biggest driver of separation and 
the water microbial community being the most distinct.  Interestingly, the functional genes in the 
water habitat are rather similar across the two ecosystems (Figure 6) though the taxonomic 
differences were disparate (Figure 4). This suggests that while different bacteria are present, the 
function of these bacteria within the habitat is rather similar; that some taxa are more likely to be 
found in a stream that fulfill the same ecosystem role as others found in the river. 
When considering the individual functional categories (Figure 7), the largest number of 
classified reads are associated with cell structure and metabolism, reflecting what has been found 
in other studies (for water: Brown et al., 2015; for biofilm: Rehmen et al., 2020) however, little 
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research has been done beyond this study to compare across habitats. We found the biofilm and 
sediment habitats are very similar throughout, while distribution of genes in the water column is 
often different from the other two habitats. Many of the functional gene distributions are 
consistent with prior understanding of microbial growth and survival within their respective 
habitats. For instance, stress response functional genes are more abundant within the biofilm 
communities, as the strength of biofilm matrix protects the microbial residents (Flemming et al., 
2016). Sediments, particularly at the river sites, hold more genetic potential for respiration likely 
due to the greater presence of organic matter and metals. Carbohydrate production genes are 
particularly low in the planktonic community, where release of extracellular polymers for 
formation of bacterial aggregates is much less common than in the biofilm and sediment habitats.   
For understanding potential impacts of urban wastewater pollution, we focused on the 
genes in the category “Virulence, Disease, and Defense” with more detailed analyses. Though a 
relatively small percentage of reads were associated with these functions compared to other 
cellular processes, these categories have important implications for public health.  In general, the 
fraction of classified reads in this category was highest for sediment (~3.6%), intermediate for 
biofilms (~3.2%), and lowest for water (~2.5%). This pattern is also reflected when total ARG 
was considered (Figure 8). Little difference in ARG presence was evident between river and 
stream ecosystems or across sites along the James River flow path. While other studies have 
found wastewater and WWTPs to be a point source of ARG to waterways (Czekalski et al., 
2012; Proia et al 2016; Subiritas et al., 2017), we did not see an increase associated with either 
the CSO inputs or following the WWTP compared to the upstream Huguenot site. Little data is 
available comparing urban stream and river sites; however this initial survey suggests there is not 
a difference between the ecosystems. Additional study that includes an unimpacted stream 
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reference site and a stream receiving treated wastewater additions is necessary before making 
this conclusion.  
We considered the distribution of ARG associated with six common antibiotics and found 
patterns were again driven largely by habitat type (Figure 9). Overall, resistance to beta-
lactamases and fluoroquinolones was highest, which was not surprising since these are among 
the most prescribed antibiotics globally. Though similarly abundant, the two groups had very 
different patterns across the habitats.  Water habitats are highest in fluroquinolone resistance, 
while lowest for beta-lactam resistance, and the reverse is true for biofilm and sediment habitats. 
Fluoroquinolones act by inhibiting enzymes involved with bacterial DNA synthesis (Emmerson 
& Jones 2007), and it may be that resistance to this is especially beneficial to planktonic bacteria.  
Given that these free-floating bacteria are not in as frequent contact with other cells, protection 
against DNA synthesis inhibition may be essential. Antibiotics in the beta-lactam family inhibit 
the formation of the cell wall, eventually leading to cell lysis (Drawz & Bonomo, 2010). With 
stability of the matrix as a prominent feature of biofilms and sediments, inhibition of cell wall 
formation performed by beta-lactamases would be key to breaking down their structure. The 
differences observed between habitats may also be partly due to different physical and chemical 
properties of antibiotics. For instance, beta-lactamases are water soluble, making the 
development of resistance to these within the water column more challenging as the antibiotic 
compounds will break down quickly (Hernandez-Justiz et al., 1998; Ong et al., 2015), while the 
compound would be sustained within a biofilm or sediment matrix.   
The highest percentage of ARGs encode for multidrug resistance (Figure 8), meaning  
that the bacteria are protected against multiple forms of antibiotic treatments (Bhattacharjee, 
2016). MDR is likely higher than individual resistance genes due to the efficiency of protection 
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against multiple antibiotics provided by these genes, which has been observed previously (Liu et 
al., 2018). While other studies have found that MDR increases following WWTPs (Reichert et 
al., 2021), the amount of MDR did not change following wastewater inflows for the three 
habitats in this study. However, it is potentially more notable that MDR distribution does not 
decrease following the WWTP, reaffirming the fact that current wastewater treatment measures 
do not address the presence of antibiotics within WWTP influent.  
 Metal resistance was also explored as ARG and MRG often co-occur due to close 
proximity within genetic material (Chapman, 2003, Czekalski et al., 2014, Vaz-Moreira et al., 
2014; Gillings et al 2015). Many genes that reduce antibiotic toxicity also mitigate metal 
toxicity; for instance, ARG that target efflux pumps can also keep intracellular metal levels 
lower (Stepanauskas et al., 2005; Knapp et al., 2011). This co-selection for MRGs allows for the 
persistence of ARG within the environment, making ARGs more concentrated in sites with metal 
contamination (Czekalski et al., 2014, Di Cesare et al., 2016). Cadmium, mercury, arsenic, and 
copper are known pollutants to the James River ecosystems (Williams et al., 2015), and MRG 
associated with these metals were common in sediment and biofilm samples (Figure 8). Due to 
the affiliation of heavy metals with sediments, it is not surprising that MRG are greatest within 
sediment habitats. For example, mercury is often found in high amounts within sediment 
samples, which may contribute to the elevated abundance of MRG in this habitat (Czekalski et 
al., 2014). Other studies have found copper to be highly associated with all three habitat types as 
well as arsenic to a lesser extent with biofilm and water communities and cadmium with 
sediment bacteria (water and biofilm: Garner et al., 2016; sediment: Chen et al., 2019). 
Increasing attention is being devoted to understanding the simultaneous occurrence of heavy 
metal and antibiotic resistance genes in urban ecosystems (Novo et al., 2013, Deycard et al., 
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2014, Gao et al., 2015, Di Cesare et al., 2016), and our findings suggest that these assessments 
should include multi-habitat comparisons in order to fully understand potential ecological and 
























Most prior studies of wastewater impacts on urban rivers focus only on the water column, 
and this study has demonstrated the importance of examining other habitats within the waterway 
such as biofilm and sediment communities. Additionally, this study is among the first to use 
metagenomics to simultaneously evaluate microbial community composition and functional 
potential of biofilms in a large urban river. This analysis corroborates past findings of 
anthropogenic impacts on microbial communities within urban waterways. Additionally, this 
study highlights the clinical relevance of microhabitat in harboring potentially pathogenic 
bacteria and suggests that the increased interactions within these habitats can lead to the spread 
of antibiotic resistance.  Having demonstrated that sediment and biofilms are important in 
understanding of public health threats and monitoring ARG spread, this thesis also motivates the 
need for future studies that consider multiple sampling events over the summer months when 
CSO is common and the river is frequented for recreation. Wastewater treatment is one of the 
most important developments in human health and disease control, however given the distinct 
ability of emerging pollutants and resistant bacteria to evade treatment procedures, continued 
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Table 1. Location, water quality data, and biofilm density (mean ± S.E.) for each of the study 




 River Sites 
 
Stream Sites   













pH 8.1 8.7 7.3 7.5 7.3 
Temperature (⁰C) 25.2 25.8 23.6 23.1 23.3 
Dissolved O2 (mg L-1) 8.7 8.5 8.1 7.8 6.0 
Turbidity (NTU)   3.2  5.4  7.4 2.6 2.5 
Conductivity (μS cm-1) 139.9 139.3 156.4 116.9 89.1 
[Cl] (mg L-1) 3.3 3.8 20.9 11.6 4.3 
[TP-P] (mg L-1) 0.01 0.01 0.04 0.02 0.06 
[TN-N] (mg L-1) 0.37 0.34 0.49 0.54 0.45 
E. coli abundance (CFU 100-mL-1) 36 99 87 139 230 




Figure 1. Map of sample sites (labeled blue circles) and the Richmond CSO network. The 
controlled CSO network is outlined in dark green with CSO discharge sites along these lines as 
green points. Additional uncontrolled CSO discharge sites are shown as individual red points. A 
large stormwater retention basin near CSO-06 is outlined in light green. The original CSO map 
was produced by the City of Richmond Department of Public Utilities, and overlayed using 





Figure 2. Relative abundance of most common phyla. Details are shown for groups with a 
relative abundance >1%, which collectively represent >95% of classified taxonomic reads. Phyla 
with <1% abundance are grouped into the category “Other.” Data are presented as the average 
















Figure 3. Shannon’s diversity index calculated for species-level classifications of microbial 
taxonomic reads. The top row shows all river sites while the bottom row compares stream sites. 
In this figure (and all subsequent figures), biofilm data are presented in red (left bar), sediments 
in green (center bar), and water in blue (right bar). One-way ANOVAs were performed to 
compare habitats within each site (all p<0.05), and lowercase letters indicate significant 
differences via Tukey’s HSD tests. Data are presented as the average (± S.E.) of triplicate 














Figure 4. Principle coordinate analysis (PCoA) of taxonomic community composition within 
each habitat and ecosystem, based on the Bray Curtis dissimilarity matrix derived from species-
level classifications. All 45 samples are shown following the same habitat color scheme as in 
earlier figures, with stream samples the lighter shade and river samples darker. Convex hulls 









Figure 5. Prominent wastewater indicator species are from two prokaryotic phyla found in all habitats. Bar color is by sample site, 
with warm shades portraying river samples and cooler shades as stream samples. Data for biofilm, sediment, and water are pooled to 





Figure 6. Principle coordinate analysis (PCoA) of functional gene profiles within each habitat 
and ecosystem, based on the Bray Curtis dissimilarity matrix derived from SEEDS Subsystems 
level 1 data. All 45 samples are shown following the same habitat color scheme as in earlier 
figures, again with stream samples the lighter shade and river samples darker. Convex hulls 














Figure 7. Distribution of 15 of the SEED Subsystem level 1 classifications for the microbial communities in the biofilm, sediment, 
and water habitats. The top row shows subsystems where the water habitat is distinctly highest and the middle row lowest. The bottom 
row shows all other subsystems making up >2.5% of classified reads without a distinct pattern. Flow path of the James is loosely 
followed along the x-axis, with * indicating a stream ecosystem. Note that the scale of the y-axis changes to match the variable ranges. 




















































































































































































































































Figure 8. Bar charts showing the relative abundance of reads classified as either: (i) antibiotic 
resistant (ARG), (ii) multidrug resistance, or (iii) metal resistant (MRG). Data are presented as 











Figure 9. Bar charts showing the relative abundance of reads classified as having resistance to 
individual categories of antibiotics, organized from most to least abundant. In this figure, shading 
is used to show habitats, with biofilm the darkest, sediment intermediate, and water the lightest.  






































Appendix 1. E. coli abundance (CFU 100-ml-1) has been measured weekly at river sites (Huguenot and 
CSO-06) and bi-weekly at stream sites (Gillies and Reedy) since 2015.  Data from summertime sampling 
events (June 1 – August 31) are summarized below as the fraction (%) of samples with E. coli abundance 





























































(n=63) (n=64) (n=25) (n=25)
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Appendix 2. Initial number of sequences generated per sample and the fraction (%) subsequently 
removed due to low quality.  Also listed is the fraction of the retained reads that classified as microbial 
using the taxonomic pipeline described in Section 2.4.   
  
 





Classification of microbial reads (%) 
Archaea Eukaryota Bacteria 
Biofilm Ancarrow's ABJ1 59,040,506 3.6  21.7  0.1 0.2 99.7 
 Ancarrow's ABJ2 23,936,000 3.8  22.5  0.1 0.1 99.8 
 Ancarrow's ABJ3 19,148,072 3.4  26.4  0.4 0.1 99.5 
 CSO-006 CBJ1 26,417,517 2.9  24.5  0.0 0.0 100.0 
 CSO-006 CBJ2 16,391,131 3.5  20.6  0.0 0.0 100.0 
 CSO-006 CBJ3 26,883,370 3.3  17.1  0.0 1.3 98.7 
 Gillies GBJ1 22,565,727 4.0  25.5  0.0 1.0 99.0 
 Gillies GBJ2 19,570,827 3.4  24.0  0.0 0.6 99.4 
 Gillies GBJ3 19,999,408 4.8  24.8  0.0 0.6 99.4 
 Huguenot HBJ1 28,899,658 3.9  20.1  0.1 0.1 99.8 
 Huguenot HBJ2 15,119,918 3.3  24.0  0.0 0.1 99.9 
 Huguenot HBJ3 58,410,585 16.8  25.4  0.0 0.0 100.0 
 Reedy RBJ1 28,351,130 3.4  27.1  0.0 0.7 99.3 
 Reedy RBJ2 20,141,259 3.7  29.0  0.1 0.4 99.5 
 Reedy RBJ3 26,278,516 3.6  29.8  0.0 0.2 99.8 
Water Ancarrow's AWJ1 53,950,404 16.2  33.1  0.0 0.1 99.9 
 Ancarrow's AWJ2 36,472,563 4.5  35.6  0.0 0.0 100.0 
 Ancarrow's AWJ3 18,373,098 3.9  41.7  0.0 0.0 100.0 
 CSO-006 CWJ1 58,699,509 20.2  42.0  0.0 0.2 99.8 
 CSO-006 CWJ2 30,069,178 4.5  44.7  0.0 0.0 100.0 
 CSO-006 CWJ3 29,644,171 3.8  44.2  0.0 0.1 99.9 
 Gillies GWJ1 31,368,751 3.2  31.7  0.0 0.0 100.0 
 Gillies GWJ2 17,965,988 3.6  27.8  0.0 0.0 100.0 
 Gillies GWJ3 29,211,737 4.7  27.7  0.0 0.4 99.6 
 Huguenot HWJ1 35,049,330 4.1  31.6  0.1 0.1 99.8 
 Huguenot HWJ2 20,393,210 3.9  31.8  0.1 0.0 99.9 
 Huguenot HWJ3 41,231,155 19.5  29.5  0.1 0.2 99.7 
 Reedy RWJ1 33,837,344 3.6  36.4  0.0 0.1 99.9 
 Reedy RWJ2 12,499,038 3.6  38.7  0.0 0.2 99.8 
 Reedy RWJ3 26,666,751 3.5  35.0  0.0 0.3 99.7 
Sediment Ancarrow's ASJ1 20,410,858 4.0  15.9  1.5 0.0 98.5 
 Ancarrow's ASJ2 20,216,998 4.2  16.2  0.4 0.3 99.3 
 Ancarrow's ASJ3 18,371,748 3.5  15.9  0.4 0.0 99.6 
 CSO-006 CSJ1 17,431,270 3.9  13.9  2.4 0.0 97.6 
 CSO-006 CSJ2 56,828,169 22.8  12.9  0.6 0.0 99.4 
 CSO-006 CSJ3 55,070,864 24.4  12.9  0.5 0.4 99.1 
 Gillies GSJ1 49,769,784 29.5  16.9  0.3 0.7 99.0 
 Gillies GSJ2 56,143,593 30.8  17.3  0.2 0.9 98.9 
 Gillies GSJ3 61,074,150 21.8  23.5  0.0 0.0 100.0 
 Huguenot HSJ1 25,070,019 3.4  17.1  0.7 0.1 99.2 
 Huguenot HSJ2 21,824,891 4.0  17.0  0.6 0.0 99.4 
 Huguenot HSJ3 16,153,832 4.2  17.2  0.4 0.1 99.5 
 Reedy RSJ1 30,188,371 3.9  21.6  0.1 0.1 99.8 
 Reedy RSJ2 19,118,401 4.2  21.5  0.1 0.6 99.3 
 Reedy RSJ3 29,194,439 3.4  23.9  0.1 0.2 99.7 





Appendix 3. Sequencing statistics associated with MG-RAST data processing as described in Section 2.4.   
  
 
Habitat Site Sample 
# of initial 
sequences 
Post QC statistics  MG-RAST default classification 
# hits using 
SEED 







rRNA genes  
% of predicted 
proteins with 
known functions 
Biofilm Ancarrow's ABJ1 30,130,112 23,815,661 214 ± 40 61 ± 10  56,489  46.1 7,134,036  
 Ancarrow's ABJ2 11,949,656 9,620,755 214 ± 40 63 ± 9  18,112  47.3 2,977,407  
 Ancarrow's ABJ3 9,750,144 7,942,608 216 ± 40 64 ± 9  15,235  50.5 2,607,513  
 CSO-006 CBJ1 13,616,722 10,868,192 217 ± 40 59 ± 11  24,750  51.8 3,453,191  
 CSO-006 CBJ2 8,208,742 6,516,462 216 ± 40 59 ± 10  14,417  46.6 1,850,831  
 CSO-006 CBJ3 13,501,321 10,658,323 216 ± 40 57 ± 13  35,342  43.1 2,939,548  
 Gillies GBJ1 11,093,606 9,116,591 215 ± 40 60 ± 11  24,292  49.6 2,850,388  
 Gillies GBJ2 10,327,003 8,548,931 216 ± 40 59 ± 11  21,148  51.2 2,661,873  
 Gillies GBJ3 9,920,827 8,002,319 212 ± 40 59 ± 11  22,241  50.0 2,506,464  
 Huguenot HBJ1 14,587,593 11,511,202 214 ± 40 64 ± 8  16,166  46.8 3,616,027  
 Huguenot HBJ2 7,679,139 6,270,751 217 ± 40 65 ± 8  7,688  49.3 2,040,001  
 Huguenot HBJ3 21,192,288 18,052,665 212 ± 40 66 ± 8  17,880  49.4 5,970,429  
 Reedy RBJ1 14,396,505 11,234,781 215 ± 40 62 ± 10  33,968  50.6 3,493,057  
 Reedy RBJ2 10,312,699 8,307,633 214 ± 40 64 ± 9  16,722  51.9 2,668,819  
 Reedy RBJ3 13,431,313 10,670,157 214 ± 40 61 ± 11  35,599  51.4 3,470,561  
Water Ancarrow's AWJ1 20,322,912 16,807,427 211 ± 40 56 ± 11  31,900  58.0  6,644,638  
 Ancarrow's AWJ2 20,018,949 15,311,526 211 ± 39 54 ± 11  34,949  56.9  5,959,407  
 Ancarrow's AWJ3 9,766,988 7,853,626 213 ± 40 51 ± 11  17,620  60.7  3,188,130  
 CSO-006 CWJ1 21,516,656 17,263,249 206 ± 39 52 ± 10 38,596 -  2,045,006  
 CSO-006 CWJ2 16,095,183 12,449,271 211 ± 39 50 ± 10  31,399  61.6  5,182,685  
 CSO-006 CWJ3 15,942,851 12,533,411 213 ± 40 51 ± 10  32,492  63.8  5,466,211  
 Gillies GWJ1 15,942,921 12,198,351 216 ± 40 54 ± 10  43,202  60.6  5,136,299  
 Gillies GWJ2 9,465,200 7,492,857 213 ± 40 53 ± 10  22,836  55.5  2,841,095  
 Gillies GWJ3 14,521,799 11,333,660 212 ± 40 53 ± 11  33,062  52.6  4,022,116  
 Huguenot HWJ1 18,101,652 14,417,710 213 ± 40 60 ± 10  30,787  54.7  5,371,249  
 Huguenot HWJ2 10,358,175 8,127,604 213 ± 40 55 ± 11  17,754  53.8  2,987,329  
 Huguenot HWJ3 15,710,978 12,720,508 208 ± 39 60 ± 10  18,615  54.0  4,691,631  
 Reedy RWJ1 17,304,782 13,496,224 214 ± 40 56 ± 11  64,658  63.3  5,574,109  
 Reedy RWJ2 6,173,508 5,082,237 215 ± 40 55 ± 11  25,134  63.6  2,154,958  
 Reedy RWJ3 13,385,569 10,608,554 216 ± 40 56 ± 11  50,044  63.1  4,367,091  
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Appendix 3 continued. Sequencing statistics associated with MG-RAST data processing as described in Section 2.4.   
  
 
Habitat Site Sample 
# of initial 
sequences 
Post QC statistics  MG-RAST default classification 
# hits using 
SEED 







rRNA genes  
% of predicted 
proteins with 
known functions 
Sediment Ancarrow's ASJ1 9,976,972 8,309,742 214 ± 40 61 ± 10  12,372  44.2  2,468,419  
 Ancarrow's ASJ2 9,928,549 7,892,065 214 ± 40 60 ± 11  11,878  43.7  2,290,555  
 Ancarrow's ASJ3 9,299,977 7,563,459 215 ± 40 61 ± 10  9,580  44.2  2,211,185  
 CSO-006 CSJ1 8,635,330 7,025,652 214 ± 40 59 ± 11  13,434  42.3  1,961,224  
 CSO-006 CSJ2 18,336,022 15,410,173 209 ± 40 61 ± 11  20,812  42.9  4,412,546  
 CSO-006 CSJ3 17,728,271 14,917,825 208 ± 40 61 ± 11  19,481  43.3  4,235,862  
 Gillies GSJ1 14,076,115 11,940,581 206 ± 40 62 ± 11  16,383  44.8  3,459,117  
 Gillies GSJ2 15,419,723 12,828,878 205 ± 39 62 ± 11  18,664  44.7  3,747,442  
 Gillies GSJ3 20,570,582 15,492,030 211 ± 40 62 ± 10  24,196  53.9  5,116,921  
 Huguenot HSJ1 13,027,402 10,603,305 215 ± 40 62 ± 10  13,491  45.1  3,215,238  
 Huguenot HSJ2 10,798,291 8,422,557 214 ± 40 63 ± 9  10,722  45.3  2,521,846  
 Huguenot HSJ3 8,109,106 6,578,206 214 ± 40 62 ± 10  8,124  45.4  1,976,107  
 Reedy RSJ1 15,309,134 11,901,311 215 ± 40 63 ± 10  17,568  47.0  3,603,967  
 Reedy RSJ2 9,597,745 7,739,898 214 ± 40 62 ± 11  13,065  45.2  2,260,042  





Appendix 4. SEEDS Level 3 functional classifications used to calculate the totals presented in Figure 8. In the top panel of that figure, “total 
ARG” represents the sum of all individual (column 1) and multidrug (column 2) resistance genes.   
 
 









































Appendix 5. Distribution the 12 SEED Subsystem level 1 classifications not included in Figure 7. Flow 
path of the James is loosely followed along the x-axis, with * indicating a stream ecosystem. Note that the 
scale of the y-axis changes to match the variable ranges. Data are presented as the average (± S.E.) of 
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